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ABSTRACT

Coastal wetlands are one of the world’s most productive and valuable ecosystems.
Mangrove forests, salt marshes, and salt barrens are the dominant coastal wetlands in the
Tampa Bay estuary. These “blue carbon” sinks absorb carbon dioxide and store organic
carbon (OC) in their vegetation and underlying sediments, allowing them to partially
mitigate climate change. However, the global areal extent of these ecosystems has declined
by 25-50 %, so restoring critical coastal wetland habitats has become imperative. Created
coastal wetlands in the Tampa Bay area are first planted with salt marsh vegetation, but
often transition into mangrove forests, a process known as mangrove encroachment. This
study investigated the rates of mangrove encroachment and hypothesized that middle-aged
(6- to 13-year-old) restoration sites would experience the fastest rate of mangrove
encroachment. The rate of encroachment was determined through remote imagery, while
biomass calculations via allometry, point-center-quarter (PCQ) analysis, and percent cover
estimations provided supplemental ground-truthing. The average encroachment rate
among all sites was 0.62 m y-1, but no difference was found between the encroachment rate
at old (14- to 27-year-old) and middle-aged restoration sites, and no trees were observed at
young sites (< 5 years old). The second aim of this study was to calculate a total carbon
stock for each site. It was hypothesized that old restoration sites would store the most OC.
This hypothesis was investigated by calculating carbon stocks with the use of allometric
calculations, PCQ analysis, and soil core analyses. Indeed, mature mangrove-dominated
ix

restoration sites had higher total carbon stocks (138.7 ± 13.8 Mg C ha-1) than middle-aged
transitional sites (85.6 ± 25.5 Mg C ha-1) or young salt marshes (34.5 ± 7.7 Mg C ha-1). A
comparison of these calculated carbon stocks to natural coastal wetlands in Tampa Bay and
the eastern coast of Florida demonstrated that there was no difference in OC storage
between natural and restored sites. The carbon sequestration rate across the 26-year
chronosequence was found to be 4.68 Mg C ha-1 y-1. This value is higher than calculated
values in other Florida studies, as it considers both vegetative and soil OC. The
quantification of total carbon storage over time may incentivize coastal managers to pursue
blue carbon restoration projects, because such projects store large quantities of carbon, and
can generate carbon credits that can be sold to generate more revenue for additional coastal
restoration projects.
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Introduction
Coastal Wetlands
Coastal wetlands are one of the world’s most productive and valuable coastal
ecosystems, providing ecosystem services such as coastal protection, erosion prevention,
and nutrient cycling. They also act as sinks for sediments, sites for carbon sequestration,
and provide nursery grounds for fisheries (Crossland et al. 2005; Kirwan and Megonigal
2013; Osland et al. 2013; Doughty et al. 2015). They serve as zones of transition between
terrestrial and marine ecosystems, usually containing rich organic soil that is covered or
saturated with tidal brackish waters (Kennedy et al. 2013). Along Florida’s coastal zone,
coastal wetlands include a diverse array of intertidal marshes, mangrove swamps, mud
flats, seagrass beds, hypersaline lagoons, and salt barrens (Michener et al. 1997).
Despite the benefits coastal wetlands provide, globally mangroves have been lost
at a rate of 0.7-3 % annually since the 1940s and salt marshes have been lost at a rate of 12 % each year since the 1800s, with total losses estimated to be 25-50 % (McLeod et al.
2011; Kirwan and Megonigal 2013). This is largely because they are being converted into
land for agriculture, aquaculture, and urban development (Donato et al. 2011; Michener et
al. 1997; McLeod et al. 2011; Kirwan and Megonigal 2013). In other cases, wetlands are
converted into open water, largely attributed to strong coastal storms that cause storm
surges, increased rainfall, and abnormally high tides (Dahl and Stedman 2013). Other
indirect anthropogenic impacts to coastal wetlands include: restructuring of the landscape,
urban development and agriculture, chemical contamination, overharvesting of
1

fish/shellfish, and heightened sediment inputs, which result in a loss of habitat and
biodiversity, eutrophication, and erosion (Crossland et al. 2005). Additionally, horizonal
or inland advancement of salt/brackish water, a consequence of sea-level rise (SLR) and
altered hydrology, could significantly alter coastal habitats, potentially harming wetlanddependent species. An estimated 90 % of important recreational and commercial fish and
shellfish species spend some of their life cycle in seagrass meadows, salt marshes, or
mangroves, all of which may be harmed by rising seas and corresponding loss of habitat
(Glick and Clough 2006).
Mangrove and salt marsh ecosystems have long lined the coast of the Tampa Bay
Estuary. In the 1950s, Tampa Bay featured roughly 9,700 ha of salt marshes (28 %), salt
barrens (6 %), and mangrove forests (66 %) combined (Robison et al. 2010). It is estimated
that Tampa Bay lost 21 % (nearly 2,000 ha) of its tidal wetland habitats from 1950 to 1990,
largely a consequence of development activity. Indeed, most of the tidal wetlands around
Tampa Bay were ditched in an effort to eradicate the salt marsh mosquito Aedes
taeniorynchus; however, this leads to habitat degradation (Smith et al. 2007). Today, there
are an estimated 8,100 to 8,300 ha of remaining and restored coastal wetland habitat in the
Tampa Bay Estuary (Robison et al. 2010; SWFWMD 2012).
Coastal wetlands can play a role in the carbon cycle. Mangroves are salt-tolerant,
frost-intolerant trees found along subtropical and tropical coastlines that are extremely rich
in carbon, a result of high primary productivity and the slow rate of microbial
decomposition, a consequence of frequent inundation and anaerobic soils (Osland et al.
2012). The carbon dioxide (CO2) that mangroves extract from the atmosphere is used to
manufacture new roots, leaves, and branches, maintain existing stem tissue, and develop
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chemical defenses against herbivory (Alongi 2014). Beneath the mangroves, carbon
accumulates in thick layers of peat (a mixture of fresh and decaying organic matter (OM)).
In mangrove forests, the greatest carbon pool is in the soil, which comprises of 75 % of the
total OC within the system, while live and dead vegetation accounts for 25 % of the carbon
stock (Alongi 2014). On an area-specific basis, mangroves store more carbon than any
other ecosystem. They only make up 0.5% of the global coastal area, as they only exist in
tropical and sub-tropical regions, yet contribute 10-15 % of coastal sediment carbon storage
(Alongi 2014).
Salt marshes are characterized by salt-tolerant herbaceous plants and low shrubs
and have greater latitudinal distribution than mangroves (Kennish 2001). Accretion, the
vertical building of soils by the deposition of mineral sediment and OM, is accelerated by
salt marsh presence because the vegetation provides a substrate for OM and sediment to
adhere to, which also decreases erosion (Kennish 2001). Belowground biomass has proven
to be critical in the long-term survival of salt marshes. It contributes to the volume and
thus, elevation, of the marsh, which Darby and Turner (2008) speculate as being more
important than inorganic matter for a salt marsh to maintain itself. Like mangrove forests,
soil OM is the largest carbon pool in salt marshes and contains 90 % of total OC in the
system (Alongi 2014).
Salt barrens, a third wetland type occurring in the Tampa Bay Estuary, are
hypersaline (soil salinity above 35) flats located in the upper intertidal zone that are
inundated only by spring high tides (Lewis and Robison 1995). They are typically located
further inland than mangrove forests or salt marshes at slightly higher elevations. Salt
barrens experience seasonal expansion of salt-tolerant vegetation in the rainy season and
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retreat in the dry season when salts concentrate the soil (Lewis and Robison 1995). The
largest OC pool in salt barrens is the soil, although total OC is much lower than that of
mangroves and salt marshes (Radabaugh et al. 2018).
Blue Carbon
“Blue carbon” refers to carbon that is stored in coastal and marine ecosystems.
Mangroves, salt marshes, and seagrasses are the prominent vegetated blue carbon sinks.
They receive carbon from both allochthonous (material produced elsewhere – seagrass,
algae, drift wood, sediment etc.) and autochthonous (produced in situ by the uptake of CO2
by plants to create leaves, roots, stems, etc.) sources (Howard et al. 2014). Coastal
vegetated ecosystems experience high sedimentation, driven by tidal inundation and stormsurge events, which bring in allochthonous organic and mineral material, referred to as
particle accretion (Nyman et al. 2006; Smith et al. 2009; Breithaupt et al. 2017). Together,
particle accretion and expansion, which occurs when belowground roots grow and expand,
cause the land elevation to rise (Castañeda-Moya et al. 2010; Breithaupt et al. 2017). The
accretion of sediments in coastal zones is an example of a positive feedback mechanism in
which coastal wetlands are able to maintain their position in the intertidal zone in response
to sea-level fluctuations.
A carbon stock refers to the amount of OC stored in a blue carbon ecosystem up to
a specific depth. Carbon stocks are determined by adding up the carbon pools within the
system (Howard et al. 2014). The relevant pools of blue carbon systems are: underlying
sediments, aboveground living biomass (leaves, stems, branches), belowground living
biomass (roots and rhizomes), and non-living biomass (leaf litter and dead wood) (McLeod
et al. 2011). Carbon stored in biomass can exist for years to decades, whereas carbon
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sequestered in sediment can be stored for thousands of years if undisturbed (McLeod et al.
2011). Across all three blue carbon sinks, soil carbon is the dominant carbon pool (Howard
et al. 2014). Mangrove forests also have significant aboveground living and dead biomass,
unlike herbaceous blue carbon ecosystems such as salt marshes and seagrass beds, which
lack large vegetation. Global averages for whole-ecosystem carbon stock estimates are:
956 metric tons of carbon per hectare (t C ha-1) for mangroves, 593 t C ha-1 for salt marshes,
and 142 t C ha-1 for seagrasses (Alongi 2014).
Through photosynthesis, vegetated blue carbon sinks absorb and convert CO2 into
OM, and can partially mitigate climate change (Howard et al. 2014). But, to mitigate
anthropogenic CO2 emissions, the magnitude of the carbon sink must increase over time.
This can be achieved by increasing the areal extent of blue carbon systems and increasing
the total rate of carbon sequestration (Hopkinson et al. 2012); however, unless the annual
rate of global CO2 emissions decreases, the amount of carbon sequestered by these
ecosystems will be miniscule compared to emissions (Alongi 2014). Nevertheless, coastal
wetland restoration and preservation projects remain attractive to climate change
mitigation programs. These natural ecosystems are an efficient, cost-effective approach to
offsetting greenhouse gas (GHG) emissions from companies or small regions (Villa and
Bernal 2017).
Ecological Restoration
Ecological restoration refers to a process in which a destroyed, damaged, or
degraded ecosystem is recovered (SER 2002), and is often necessary when an ecosystem
has been altered to the point where it cannot self-correct or self-renew, secondary
succession and natural recovery from damage is inhibited, and ecosystem homeostasis
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stops (Lewis 2005). The two main goals of ecological restoration are to: 1) restore
ecosystems that have been disturbed by humans, and 2) develop new sustainable
ecosystems that have economic and ecological value (Lewis 2005). For the purposes of
this study, only sites that were created with these two goals in mind were characterized as
ecological restoration sites. Salt marsh restoration sites are attempts to recreate naturally
occurring habitats and may help facilitate the regrowth of important salt marsh ecosystems,
but they are not always perfect duplicates for natural salt marshes.
Ecological restoration can provide an opportunity for creating or enhancing habitats
that provide ecosystem services that were previously lost to development or other
anthropogenic impacts. Tidal salt marshes and salt barrens have experienced
disproportionately greater losses than mangrove forests in the Tampa Bay area, currently
accounting for 20 % of the region’s coastal wetlands, so there have been ongoing efforts
to restore these critical habitats (Lewis and Estevez 1988). Coastal wetlands are created
from open-water areas by pumping dredge material onto them or from upland habitat by
removing sediment until elevations are appropriate for tidal inundation (Edwards and
Proffitt 2003). Next, flora that are tolerant to anoxic soil conditions and frequent saltwater
flooding are planted, such as Spartina alterniflora (smooth cordgrass), which creates
immediate structural habitat, stabilizes substrates, and accelerates secondary succession
(Freiss et al. 2012; Osland et al. 2012). Mangroves are usually not planted at restoration
sites in Tampa Bay because they can self-colonize. Mangroves have propagules
(germinated ‘seeds’) which float with the tides and can be transported to new locations
easily, while salt marsh species colonize by extending laterally through marsh sediment
and via seed dispersal (Raabe et al. 2012). Salt marsh vegetation can also trap mangrove
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propagules, facilitating mangrove colonization (Stevens et al. 2006). Ultimately, successful
colonization depends on species fecundity, dispersal capacity, and appropriate hydrology
and elevation (Freiss et al. 2012).
Tampa Bay Estuary Program’s (TBEP) Habitat Master Plan, originally drafted in
1995, set restoration targets, defined by areal coverage, for mangroves, salt marshes, and
salt barrens (Lewis and Robison 1995). In 2010, the Habitat Master Plan was updated to
prioritize the “Restore the Balance” approach, which was designed to return coastal
wetlands to historical (1950s) habitat ratios in the Tampa Bay Estuary (Robison et al.
2010). Because many organisms utilize different habitats at different life stages, restoring
the balance of coastal wetland types may help prevent bottlenecks in the life history of
Tampa Bay species by placing an emphasis on restoring habitats that have
disproportionately been lost, such as salt marshes and salt barrens (Holland et al. 2006).
Carbon Credits
Because of their potential to offset CO2 emissions, restoring and creating coastal
wetlands has become a popular management tool to obtain carbon credits (DeLaune and
White 2012). To begin a restoration project with the intention of earning carbon credits,
coastal managers can follow the Verified Carbon Standard (VCS) Methodology for Tidal
Wetlands and Seagrass Restoration protocol, which outlines the procedure to estimate net
CO2 reductions (VCS 2015). The methodology, facilitated by the national 501(c)(3) nonprofit organization Restore America’s Estuaries, covers project eligibility criteria to receive
credits and accounting procedures within markets (VCS 2015; Sutton-Grier and Moore
2016). Coastal landowners can then sell or trade credits, which gives them an incentive to
pursue mitigation and restoration projects. Although project managers may be in financial
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deficit after completing the project, the carbon storage that coastal wetlands provide is
highly valued in most carbon markets (Sutton-Grier and Moore 2016).
Under the Intergovernmental Panel on Climate Change (IPCC) guidelines, nations
that have signed and ratified the Kyoto Protocol may trade excess carbon emissions for
“carbon credits” (Villa and Bernal 2017). The Protocol established emissions standards for
participating nations, and if they remain below their standard, they will receive tradeable
allowances (Villa and Bernal 2017). One ton of CO2 or GHG equivalent equates to one
carbon credit, but the value of the credits themselves varies (DeLaune and White 2012). In
the U.S., where only a voluntary market exists, a credit can range from $1 to $15 (DeLaune
and White 2012). However, a lack of federal action has resulted in lowered carbon credit
value, with a peak of $30 per ton of CO2 in 2008 and a lowest point of $0.05 per ton in
2010 (Gardner and Fox 2013). Because there is no federally mandated cap-and-trade
system in the U.S., the voluntary carbon market sets prices for carbon credits. At current
prices, revenue generated from carbon credits may not be enough to offset the total cost of
restoration projects (Sutton-Grier and Moore 2016). Nevertheless, the global carbon
market is expanding, and increased from $11 billion in 2005 to nearly $142 billion in 2010
(Linacre et al. 2011).
Mangrove Encroachment
Since the 1960s, average air temperatures in Florida have risen 1.1 °C, and are
projected to increase by another 1.65 to 3.85 °C by 2100 (Sherwood and Greening 2014).
Mangroves thrive in tropical/sub-tropical climates, whereas salt marshes dominate coastal
wetlands in temperate climates. The Tampa Bay estuary is uniquely situated at the extent
of these ecosystem ranges and supports both mangrove and salt marsh habitats. During
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freeze events, mangroves suffer mortality, lose their leaves, and expose the forest floor to
sunlight, allowing some salt marsh vegetation to grow (Kangas and Lugo 1990; Stevens et
al. 2006). However, Florida has experienced fewer cold days (defined as < -4 ºC) in the
winters and warmer average winter temperatures since 1970, which allows mangroves to
expand northward beyond their historical range (Osland et al. 2013; Cavanaugh et al.
2014). Therefore, global warming is likely one of the factors driving the transition from
salt marsh to mangrove forest in the Southeastern United States (Raabe et al. 2012; Osland
et al. 2013).
A 1-m increase in eustatic sea level could threaten up to 70 % of the world’s coastal
wetlands (Friess et al. 2012). From 1993-2010, the rate of global SLR was about 3.2 ± 0.4
mm y-1, and this rate is expected to accelerate (Church et al. 2013). In south Florida, it is
predicted that SLR will range from 22.9 to 61.0 cm above 2010 levels by 2060, giving a
rate of 4.6 to 12.2 mm y-1 (SFRCCC 2011; Breithaupt et al. 2017). These projected rates
are higher than any observed long-term (≥ 50 years) rates on record and could result in a
horizontal advance of water up to 76 m inland (Glick and Clough 2006; Breithaupt et al.
2017). Breithaupt et al. (2017) found the 10-year accretion rate of Florida mangroves to be
3.3 ± 0.5 mm y-1, which is slightly lower than the global rate of SLR. Similarly, Gonneea
(2016) calculated an average accretion rate of 2.8 ± 0.5 mm y-1 in Tampa Bay mangroves
and salt marshes, thus many coastal ecosystems may be lost or forced to migrate inland.
However, coastal wetlands may remain in place if they can accrete sediment at a rate equal
to or exceeding the rate of SLR. Breithaupt et al. (2017) speculate that some sites in south
Florida may be able to keep pace with SLR under a 4.6 mm y-1 scenario if the production
and preservation of soil OM is sustainable over longer periods of time. If, however, the rate

9

of SLR reaches 12.2 mm y-1, mangrove wetlands will need to receive annual deposition of
3.9 to 29.6 kg m-2 y-1 of sediment, equivalent to the mass deposited by Hurricane Wilma in
south Florida (Castañeda-Moya et al. 2010; Breithaupt et al. 2017).
An increase in tidal flooding leads to more waterlogging in wetland soil, which
stresses salt marsh vegetation and limits its primary production (DeLaune et al. 1994).
Mangroves are more tolerant of tidal flooding and saline intrusion than salt marsh
vegetation because of their unique root adaptations, which enable them to obtain oxygen
from the atmosphere under anoxic conditions (Raabe et al. 2012). Some salt marsh species
can survive prolonged inundation, such as S. alterniflora, which typically grows along the
water’s edge, but may be replaced as mangroves expand (Lewis and Robison 1995).
Because of mangrove root modifications and tolerance of inundation, coastal wetlands in
much of Florida often include a mangrove fringe along the water which then transitions to
salt marshes further inland. Over the past 100 years, mangroves across Florida, including
Tampa Bay, have encroached inland into salt marsh habitats as a result of SLR and altered
surface water hydrology (Raabe et al. 2012; Krauss et al. 2017). Given current trends of
natural mangrove recruitment into created and natural salt marsh and salt barren habitat,
habitat balance has not been achieved in the Tampa Bay estuary (TBEP 2017).
Hypotheses
Given the importance of mangroves and salt marshes to the Tampa Bay estuary,
this study seeks to gain further insight into how these ecosystems are changing. Its
objectives are to: 1) assess and determine the rate of mangrove expansion into restored salt
marsh sites throughout the Tampa Bay Estuary, and 2) model carbon storage across the
restoration sites to develop simplified estimates of carbon stocks in transitioning
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ecosystems. From here, two null hypotheses have been established: 1) there will be no
difference in the rate of mangrove expansion at restoration sites of different ages, and 2)
restoration sites will have similar vegetative and soil carbon stocks, regardless of age.
Further, two hypotheses have been constructed: 1) middle-aged (6- to 13-year-old)
restoration sites will experience the fastest rates of mangrove encroachment, and 2) mature
salt marsh restoration sites will have greater vegetative and soil carbon stocks than recently
restored sites.
By quantifying the rate of mangrove encroachment, ecological restoration sites that
are capable of maintaining stable salt marsh habitat and sites that are vulnerable to
mangrove encroachment in the Tampa Bay estuary can be determined. Mangrove
encroachment is expected to continue in the Tampa Bay estuary, a consequence of both
SLR and warmer winter temperatures, so the determination of rates of mangrove intrusion
into restored salt marsh habitats helps to evaluate the feasibility of the “Restore the
Balance” approach to managing Tampa Bay’s coastal habitats. More long-term research is
needed to assess the success of restored and created sites in meeting their habitat ratio
goals. Thus, the information obtained from this study will assist in evaluating the efficacy
of future salt marsh restoration projects by determining if any sites deviate from the
standard rate of encroachment and are therefore resistant to mangroves. This information
may be valuable to coastal resource managers, as they seek to maximize the potential of
future wetland mitigation efforts.
Further, this study will quantify carbon storage in restoration sites of varying ages.
By quantifying the aboveground vegetation and belowground soil carbon pools of these
restoration sites, simplified carbon stocks can be estimated. A comparison of carbon
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storage across the 26-year chronosequence also enables calculation of the rate of carbon
sequestration in restoration sites. Data collected in this study will support and facilitate
further monitoring of restoration sites and increase awareness on the importance of coastal
wetlands, especially their potential to partially reduce atmospheric CO2 and ultimately
lessen the effects of climate change. Little information was found on rates of carbon
sequestration in coastal wetlands in Florida. Studies that were found (i.e. Breithaupt et al.
2014; Marchio et al. 2016) did not calculate aboveground OC, and no information was
found on sequestration rates in restored wetlands, so this study will be of interest to
potential carbon-credit investors.
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Methods
Tampa Bay
Tampa Bay, Florida’s largest open-water estuary, is located along the central Gulf
of Mexico Coast, spanning Hillsborough, Pinellas, and Manatee Counties. It covers
approximately 1,000 km2 and has an average depth of 4 m, but can be as deep as 15 m in
dredged channels (Chen et al. 2007). The bay receives freshwater runoff from the
surrounding watershed, which encompasses around 5,700 km2 (Yates and Greening 2011).
The Tampa Bay region experiences a humid sub-tropical climate, characterized by periods
of heavy rain in the summers (June-September) and mild, dry winters (October-May).
The Tampa Metropolitan Area is home to over three million people, an 8.9 %
increase from 2010 to 2016 (U.S. Census Bureau 2017). This number is predicted to grow,
putting increasing pressure on surrounding coastal areas. In 2007, scientists estimated that
42 % of the Tampa Bay watershed has been developed (Sherwood and Greening 2014),
and further development will threaten Tampa Bay’s critical coastal wetland ecosystems.
Since the 1880s, parts of the Tampa Bay shoreline and bathymetry have been altered to
cater to shipping and other economic needs (Yates and Greening 2011). Many freshwater
inputs have also been dammed or impounded to provide people with freshwater.
Site Selection
Ten restored wetland sites were selected along the coastline of Tampa Bay (Fig. 1).
Each site was originally planted with salt marsh vegetation between the years 1990 and
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2016, spanning a range of 26 years (Table 1). All sites displayed typical coastal wetland
vertical zonation patterns, with clear distinctions between each zone, along an elevation
gradient from the water’s edge to the transition to upland habitat. In most cases, lower
elevations were dominated by an abundance of mangroves that extended from the water’s
edge to the adjacent high marsh. The high marsh zone was characterized by salt-marsh
flora or salt barrens at all sites. Wet-season data collection began in July 2016 and
concluded in September 2016. Dry-season sampling began approximately six months later,
beginning in January 2017 and concluding in March 2017. Another round of wet-season
data collection began in July 2017 and concluded in August 2017.
Remote Imagery
Satellite imagery from Google Earth version 7.1.8.3036 (Google Inc., Copyright ©
2017) was used to estimate rates of mangrove encroachment. Images taken shortly after
completion of the restoration (in most cases, see Table 1 and Fig. 2 for discrepancies) were
compared to near-present-day images. Using these images and the digital path tool in
Google Earth, the extent of mangrove fringe was measured along each transect to quantify
inland expansion over time. Measurements began at the open-water shoreline and ended
inland at a point where no mangroves were observed. To determine the encroachment rate,
the measured distance was divided by the amount of time (in years) elapsed between aerial
photographs.
Sampling Design
A shore-perpendicular, linear transect was established across the ecological zones
at each site. Each transect began at the open-water’s edge and extended upslope until
upland vegetation was reached, and no more salt-tolerant vegetation was found. Total
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transect lengths ranged from 8 to 68 m, as marsh widths and zonation patterns were site
specific (Table 1). Six quadrat plots were placed within a 20-m-wide belt transect. The
locations of the plots within this belt transect were determined with the use of a random
number generator; however, it was ensured that at least one plot would fall within each
zone of distinct vegetation. Each vegetative plot consisted of a 1 x 1-m quadrat, with a
smaller 30 x 30-cm quadrat in the middle.
Biotic Factors
Vegetative canopy cover within the 1 x 1-m plot was visually estimated, referencing
the National Estuarine Research Reserve System cover guide as needed (NERRS 2013).
Total canopy cover was estimated for each plant species within and directly above the plot.
Basal percent cover was also estimated for all flora within the plot. Within each 30 x 30cm plot, heights of 25 stems of salt marsh species were measured to calculate plant
biomass. For plants that were not present within the 30 x 30-cm plot, heights of 25 stems
of each salt marsh species were measured within the 1 x 1-m plot. The total number of
plants of each species within the plots was also recorded.
Mangroves were divided into three size classes: seedlings (< 30-cm tall), scrubs (30
to 130-cm tall), and trees (> 130-cm tall). In each 1 x 1-m plot, the number of seedlings
was recorded, as were their corresponding heights. For scrubs, the number, height, canopy
dimensions (crown length, width, and depth), and diameter at 30 cm (D30) on the trunk
were recorded. For trees, the species and diameter at breast height (DBH, 130 cm) were
recorded. For any dead trees that fell within the plot, the decay status (1, 2, or 3) was
determined, following the model of Howard et al. (2014). The DBH was measured for
status 1 and 2 trees, while the diameter at the base and top of the trunk was recorded for
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status 3 trees. The biomass of decay status 1 and 2 trees was found using the DBH and an
average wood density of 0.431 g cm-3 (Radabaugh et al. 2018). For decay status 1 trees, 2.5
% of the biomass was subtracted from the total to account for loss of leaves (Howard et al.
2014). Similarly, 20 % of the total biomass was subtracted from the total for decay status
2 trees (Howard et al. 2014). Decay status 3 trees were identified by having few or no
branches, and biomass was calculated from the tree’s volume and wood density, assuming
the tree was like a truncated cone (Howard et al. 2014).
Salt marsh aboveground biomass was calculated using allometric equations found
in Radabaugh at al. (2017). For species of salt marsh vegetation without a known heightbiomass relationship, plants were collected in the field, and placed into the refrigerator
until ready for analysis. Howard et al. (2014) recommends collecting at least 50 individual
stems, but this was not always feasible. In the laboratory, roots and rhizomes were cut from
stems, and the total aboveground height was recorded to the nearest 0.1 cm. Stems were
then put on trays and placed into an Isotemp 500 series or Heratherm OGS60 drying oven
(Thermo Fisher Scientific, Waltham, MA) at 60 °C until a constant weight was reached
(usually after 72 hours). Species-specific allometric biomass equations were then generated
by creating linear regression models comparing dry mass to stem height. Regressions were
analyzed with and without natural logarithmic transformations, and the final equation was
chosen based on the graph that yielded the highest R2 value.
Allometric equations used to calculate the aboveground biomass of living
mangrove trees were obtained from Smith and Whelan (2006), mangrove scrub equations
were from Ross et al. (2001), and mangrove seedling equations were from Ellison and
Farnsworth (1997). Aboveground vegetative biomass (kg m-2) was then calculated at each
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site as a function of individual plant biomass and plant density. The DBH was used to
calculate tree biomass using allometric equations. Equations to calculate aboveground
biomass for Conocarpus erectus were found in Abohassan et al. (2010) and equations for
Baccharis halimifolia and Iva frutescens were obtained from Appolone (2000). A general
broadleaf equation was used for trees without species-specific allometric equations, which
included Schinus terebinthifolius and Caesalpinia bonduc (Aguaron and McPherson 2012).
Species-specific tree biomass and tree density from PCQ measurements were used to
calculate aboveground vegetative biomass (kg m-2) for trees at each site.
A secondary vegetation quantification method known as the point-centered-quarter
(PCQ) method was utilized to estimate tree density, following the protocols of Cottam and
Curtis (1956) and Mitchell (2015). Each quadrat was divided into four sub-plots (quarters),
oriented parallel to the direction of the transect. The distance from the base of the tree
nearest to the center of the 1 x 1-m plot was measured in each of the four quarters, as was
the DBH and tree height. Because trees were not randomly distributed in the coastal habitat
gradient, an equation for non-randomly spaced trees from Morisita (1957) was utilized to
calculate tree density (trees ha-1) and basal area coverage (cm2 ha-1). Rather than taking the
average of all six plots, each plot was calculated separately, as suggested by Bouldin
(2008), following the assumption that trees are more likely to be randomly distributed
around each plot rather than across the entire site. Additionally, some plots did not have
representative trees in all four quarters, so appropriate correction factors, derived by Warde
and Petranka (1981), were applied.
To calculate the amount of OC stored in vegetative carbon pools, carbon conversion
factors were multiplied by the plant biomass. For all mangrove and non-mangrove trees, a
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carbon conversion factor of 0.44 was applied, as recommended by Ewe et al. (2006),
Bouillon et al. (2008), and Radabaugh et al. (2017). The carbon content for all aboveground
standing dead wood was assumed to be 50 %, or a conversion factor of 0.5 (Kauffman and
Donato 2012; Howard et al. 2014). Carbon content for aboveground salt marsh vegetation
was species-specific, utilizing carbon conversion values from Radabaugh et al. (2017). For
species without a carbon conversion factor, the carbon content was assumed to be 41 %
(Radabaugh et al. 2017). To find the carbon content of pneumatophores, a conversion
factor of 0.39 was applied, as suggested by Kauffman and Donato (2012).
Abiotic Factors
At the water’s edge, a YSI multi-parameter handheld meter (Yellow Springs Inc.,
Yellow Springs, OH) was used to measure water temperature (ºC), optical dissolved
oxygen concentration (mg L-1) dissolved oxygen percent saturation (%), and salinity on the
practical salinity scale. The probe was placed 10 to 20 cm below the water’s surface. Depth
to porewater (cm), porewater salinity, and soil pH were measured adjacent to each plot, so
that the flora within the plot remained undisturbed. A hand auger was used to excavate a
shallow hole for porewater collection. Porewater was measured using a Goldberg salinity
refractometer (Reichart Technologies, Buffalo, NY), while depth to porewater was
measured with a metric ruler, and soil pH was found using a Kelway soil pH meter (Kel
Instruments Co., Wyckoff, NJ).
During both rounds of wet-season data collection, soil samples from the top 5 cm
were taken from directly outside each 1 x 1-m plot for laboratory analysis of OC content
and grain size. During the second round of data collection (dry season), cores ranging from
13 to 50 cm were obtained directly outside each of the plots at each site using a Russian-
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style half cylinder peat corer (Eijkelkamp, Morrisville, NC). Until ready to be processed,
cores and soil samples were kept in a refrigerator at 4.5 °C to prevent bacterial growth. To
find the grain size of the soil samples, Fisherbrand USA standard test sieve shakers (Fisher
Scientific International Inc., Pittsburgh, PA) were used, with mesh sizes ranging from 63
to 4,000 μm. The 5-cm samples were homogenized prior to sieving to ensure that the
sample represented the entirety of the 5-cm interval. After shaking the sieves for 3-5
minutes, the weight of the soil on each sieve size was recorded to find the percentage of
sand, gravel, and clay. Gravel was identified as sediment larger than 2 mm, while sand
particles were between 0.0625 mm (63 μm) and 2 mm, and mud/clay were smaller than
0.0625 mm (63 μm) (Blott and Pye 2001).
To quantify the OC content, loss-on-ignition (LOI) analysis was performed (Craft
et al. 1991). For the loose soil samples, the sample was homogenized by mixing the bag,
and then a small portion of the soil was taken using a spatula. The soil cores were cut into
1-cm sections using a scalpel and a plastic cylinder was used to remove a cylindrical aliquot
of known volume (1.131 cm3) from each section. Aliquots from the loose soil samples and
from the cores were placed into a weighed crucible, which were placed on ceramic trays.
The trays were then put into a Thermolyne furnace (Thermo Fisher Scientific, Waltham,
MA) and dried for 24 hours at 105 °C. After removing the crucibles and allowing them to
cool down, the dry weight of each crucible was recorded. Then, the samples were
combusted at 550 °C for three hours, plus one hour of ramp time. After the crucibles cooled,
the combusted weight was recorded for each crucible. Finally, to burn off carbonates,
samples were combusted at 950 °C for one hour, plus two hours of ramp time. Once cooled,
this final combusted weight was recorded for each crucible. To find the dry bulk density
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(DBD) of the samples, the dry mass (mdry) was divided by the volume of each aliquot,
1.131 cm3 (Eq. 1). To then find the percent loss on ignition at 550 °C (%LOI550), Eq. 2 was
utilized, which incorporates mdry and the mass of the samples after the 550 °C burn (m550)
(Craft et al. 1991). Equation 3 was used to quantify the percent OC (%OC) in the matter
that was lost on ignition; this equation was developed by Radabaugh et al. (2018) using
soil from restored salt marshes in Tampa Bay.
𝑚𝑑𝑟𝑦

Equation 1: 𝐷𝐵𝐷 = 1.131
Equation 2: %𝐿𝑂𝐼550 = 100 × (

𝑚𝑑𝑟𝑦 −𝑚550
𝑚𝑑𝑟𝑦

)

Equation 3: %𝑂𝐶 = %𝐿𝑂𝐼550 × 0.53587
To determine the total amount of carbon stored within the soil and vegetation at
each site, the amount of carbon from all pools (soil and vegetation) was added together to
give a final carbon (OC) stock. From here, the total OC stock was graphed against the site
age to determine the rate of carbon sequestration.
Data Analysis
Statistical analyses were conducted using SAS Enterprise Guide 7.1 (SAS Institute
Inc., Copyright © 2016, Cary, NC). Results were considered significant when statistical
probabilities (p-values) were ≤ 0.05. When a significant relationship was detected between
two variables, graphs were fit with a trendline using Microsoft Excel (Microsoft
Corporation, Copyright © 2016, Redmond, WA). The trendline chosen was based on
whichever equation yielded the highest R2 value. Tests utilized to test the significance of
data include: Pearson product-moment correlation analyses, linear regressions,
independent sample t-tests, paired t-tests, and one-way analyses of variance (ANOVAs)
with post-hoc Tukey’s tests.
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Results
Remote Imagery
Based on available remote imagery, the extent of mangrove fringe was found to
increase at seven of the ten sites, enabling calculation of the rate of inland mangrove
encroachment per year (Table 1, Fig. 2). No mangroves were visible in satellite imagery of
the three youngest sites (Perico Preserve, Rock Ponds, Perico Preserve 2). A positive trend
was observed between site age and encroachment rate (r = 0.69738, df = 8, p = 0.0250;
Fig. 3a), but this analysis included the three youngest sites, which did not have any
mangrove trees. When the young sites were removed from analysis, there was no difference
between the encroachment rate at middle-aged and old sites (2-sample t = -0.4977, df = 5,
p = 0.4977; Fig. 3b). The average rate of encroachment across the seven sites with
measurable mangrove fringe was 0.62 ± 0.06 m y-1.
Biotic Factors
Mangrove total (paired t = 3.88, df = 9, p = 0.0037) and basal (paired t = 4.29, df
= 9, p = 0.0020) percent cover increased from 2016 to 2017. There was also an increase in
herbaceous basal percent cover (paired t = 2.81, df = 9, p = 0.0205), but not in herbaceous
total percent cover over the sampling period (paired t = 1.84, df = 9, p = 0.0987). No
correlations were observed between site age and total percent cover of mangroves (r =
0.59628, df = 8, p = 0.0688; Fig. 4a) and herbaceous vegetation (r = -0.50106, df = 8, p =
0.1401; Fig. 4b). Similarly, no relationships were detected between site age and basal
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percent cover of mangroves (r = 0.19536, df = 8, p = 0.5886; Fig. 4a) and herbaceous
vegetation (r = -0.36188, df = 8, p = 0.3042; Fig. 4b).
Neither tree height (paired t = -1.01, df = 9, p = 0.3394) nor tree density (paired t
= -1.54, df = 9, p = 0.1575) increased significantly over the sampling period. When
compared to site age, though, tree height displayed a positive linear correlation (r =
0.89565, df = 8, p = 0.0005; Fig. 5a). No relationships were observed between site age and
tree density (r = 0.38080, df = 8, p = 0.2777; Fig. 5b) and basal area (r = 0.34662, df = 8,
p = 0.3265; Fig. 5c).
To calculate aboveground biomass, several novel allometric equations were
generated relating stem height to dry weight (Table 2). Total aboveground vegetative
biomass was then compared across the ten sites, but no significant difference was detected
over the year-long sampling period (paired t = 0.46, df = 9, p = 0.6571). Traditional quadrat
sampling revealed that there were no significant increases in the biomass of mangrove
scrubs (paired t = 0.13, df = 9, p = 0.8987), trees (paired t = 0.23, df = 9, p = 0.8217),
seedlings (paired t = 2.21, df = 9, p = 0.0544), or S. alterniflora (paired t = -0.68, df = 9,
p = 0.5129) over the sampling period.
No differences were detected in the biomass of mangrove scrubs (F = 4.67, df = 2,
9, p = 0.0514; Fig. 6a) or trees (F = 3.14, df = 2, 9, p = 0.1065; Fig. 6b) at young, middleaged, and old sites. Conversely, the biomass of mangrove seedlings (F = 5.31, df = 2, 9, p
= 0.0395; Fig. 6c) and S. alterniflora (F = 5.15, df = 2, 9, p = 0.0421; Fig. 6d) was variable
amongst the three age groups. S. alterniflora biomass was greatest at younger sites and
negligible at older sites. Middle-aged sites had the greatest average mangrove seedling
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biomass (0.19 ± 0.03 kg m-2) and scrub biomass (0.26 ± 0.05 kg m-2), while the biomass of
seedlings and scrubs was lower in young and old sites.
Correlation analyses were performed to determine if relationships existed between
site age and vegetative biomass, separated into four categories. No relationship was
observed between site age and scrub biomass (r = 0.08421, df = 8, p = 0.8171; Fig. 7a),
but a significant, positive correlation was detected between tree biomass and site age (r =
0.67686, df = 8, p = 0.0316; Fig. 7b), with older sites having the greatest tree biomass. A
comparison of site age to the biomass of seedlings (r = 0.20309, df = 8, p = 0.5736; Fig.
7c) and S. alterniflora (r = -0.61869, df = 8, p = 0.0565; Fig. 7d) yielded no significant
relationships.
Carbon Storage
Total OC storage was calculated across the ten sites (Table 3; Fig. 8) and a
statistically significant difference between the total amount of OC stored in young, middleaged, and old sites (F = 5.68, df = 2, 9, p = 0.0343; Fig. 9) was observed, with older sites
storing the most OC (125.0 ± 13.9 Mg ha-1). Linear regression analysis revealed a
significant, positive relationship (r = 0.94840, df = 8, p < 0.0001; Fig. 10) between site age
and average OC storage. The rate of sequestration, given by the slope of the least-squares
regression, was 4.68 Mg C ha-1 y-1.
A statistically significant positive correlation between soil OC and vegetative OC
was detected (r = 0.72119, df = 8, p = 0.0186; Fig. 11). To further analyze soil and
vegetative OC, the Pearson product-moment correlation was calculated to determine
whether relationships existed between OC storage and site age. No relationship was
observed between soil OC and site age (r = 0.56640, df = 8, p = 0.0878; Fig. 12a), but a
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significant, positive linear correlation existed between vegetative OC and site age (r =
0.84362, df = 8, p = 0.0022; Fig. 12b).
Soil DBD and OC% had a statistically significant, inverse relationship at young (r
= -0.20866, df = 504, p < 0.0001; Fig. 13a), middle-aged (r = -0.64839, df = 709, p <
0.0001; Fig. 13b), and old sites (r = -0.70071, df = 627, p < 0.0001; Fig. 13c). Analysis of
top 5-cm soil samples indicated that there was a significant difference in OC% (F = 132.54,
df = 19, 9, p < 0.0001) and DBD (F = 10.34, df = 19, 9, p = 0.0005) across the ten restoration
sites. Soil OC% (F = 47.11, df = 5, 2, p = 0.0054) and DBD (F = 10.08, df = 5, 2, p =
0.0466) were higher at plots closest to the water’s edge. Finally, neither soil OC% (paired
t = -0.27, df = 59, p = 0.7858) nor DBD (paired t = 0.29, df = 59, p = 0.7745) differed from
2016 to 2017.
Abiotic Factors
Grain size analysis was performed to find the total fraction of mud and sand within
the top 5 cm of soil. The total abundance of sand did not change from 2016 to 2017 (paired
t = -1.44, df = 9, p = 0.1832), but the mud size fraction increased over the sampling period
(paired t = -2.68, df = 9, p = 0.0253). Correlation analyses determined that there was a
negative relationship between site age and sand abundance (r = -0.52524, df = 18, p =
0.0174; Fig. 14a), but not the percentage of mud (r = 0.50249, df = 8, p = 0.1388; Fig. 14b).
A full summary of abiotic factors, including depth to porewater, soil pH, open water
salinity, porewater salinity, and open water DO% can be found in Appendix A.
Comparison to Natural Sites
OC storage (Mg ha-1) was compared between the ten restored sites in this study,
similar natural sites in Tampa Bay examined in Radabaugh et al. (2018), and natural sites
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on Merritt Island along the eastern coast of Florida studied by Doughty et al. (2015).
Natural salt marshes (Doughty et al. 2015; Radabaugh et al. 2018) and restored salt marshes
(young sites in this study) exhibited no differences in aboveground OC (2 sample t = 2.94,
df = 3, p = 0.0562; Table 4), belowground OC (2 sample t = 1.34, df = 5, p = 0.2382; Table
4), and total OC storage (2 sample t = 1.86, df = 5, p = 0.1218; Table 4). Similarly, no
differences were detected between aboveground OC (2 sample t = -0.98, df = 3, p = 0.3977;
Table 4), belowground OC (2 sample t = -0.27, df = 3, p = 0.8022; Table 4), and total OC
storage (2 sample t = -0.57, df = 3, p = 0.6076; Table 4) at natural transitional sites on
Merritt Island (Doughty et al. 2015) and restored transitional sites (middle-aged sites in
this study). Finally, no differences were detected between natural mangrove sites (Doughty
et al. 2015; Radabaugh et al. 2018) and restored mangrove sites (old sites in this study)
with regards to aboveground OC (2 sample t = -1.75, df = 5, p = 0.1401; Table 4),
belowground OC (2 sample t = 1.32, df = 3, p = 0.2785; Table 4), or total OC storage (2
sample t = -0.59, df = 5, p = 0.5812; Table 4).
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Discussion
Analysis of Sampling Techniques
This study investigated characteristics of mangrove encroachment into restored salt
marsh habitats using four different techniques: remote imagery analysis, PCQ sampling,
traditional quadrat sampling via percent cover estimation, and biomass comparison via
allometry. Satellite imagery was best suited to illustrate long-term vegetation changes at
each site, as one year is not enough time to quantify significant mangrove expansion using
ground-truthing techniques. Percent cover estimates were helpful in examining species
composition of plots within the studied sites. While these estimates are subjective, they do
provide the advantage of examining vegetation within and above the plots. Mangrove
percent cover was found to be positively correlated with site age (Fig. 4a), and herbaceous
percent cover was found to be negatively correlated with site age (Fig. 4b). These trends
were expected, since mature salt marsh restoration sites are now mangrove-dominated, and
contain little-to-no salt marsh vegetation, while younger sites still exhibit salt marsh
characteristics (Osland et al. 2012).
Through biomass comparison, this study revealed that there was a difference in S.
alterniflora biomass across young, middle-aged, and old sites (Fig. 6d). Salt marsh
restoration sites are initially planted with S. alterniflora, which gradually declines in
abundance after the first five to ten years as stems are shaded by a developing mangrove
canopy (Osland et al. 2012), which explains why S. alterniflora was absent from the three
oldest sites (EG Simmons, 27 years old; Mangrove Bay, 26 years old; and Harbor Palms,
26

23 years old). Hence, it is expected that middle-aged sites (Schultz Preserve (13),
Cockroach Bay (12), Bishop Harbor (8), and Clam Bayou (6)) will soon exhibit further
decline in S. alterniflora and other salt marsh vegetation and an increase in mangrove
biomass (Osland et al. 2012).
Biomass comparison via allometry also revealed that middle-aged sites had the
greatest average mangrove seedling biomass (0.19 ± 0.03 kg m-2; Fig. 6c) and mangrove
scrub biomass (0.26 ± 0.05 kg m-2; Fig. 6a), as these sites are transitional ecotones. In this
study, site age was positively correlated with tree height (Fig. 5a), with trees being the
tallest at EG Simmons (4.6 ± 0.1 m), the oldest of the restoration sites (27 years old). EG
Simmons displayed other characteristics typical of a mature restoration site, such as having
a greater tree basal area than trees in younger sites (12.4 ± 0.7 m2 ha-1 vs. 3.8 ± 0.6 m2 ha-1
at Cockroach Bay, 12 years old) and having no salt marsh vegetation. Doughty et al. (2015)
observed that aboveground biomass was higher in sites with taller mangroves, but this was
not always the case in this study. Mangrove biomass was typically higher in mature
restoration sites (Figs. 6b and 7b), but it was higher than expected at Bishop Harbor (8
years old), a site which was not yet mangrove dominated. Trees at Bishop Harbor were not
as tall as they were at older sites (Fig. 5a) but had basal areas (17.3 ± 1.3 m2 ha-1) that were
higher than average basal area at older restoration sites, (10.4 ± 1.2 m2 ha-1; Fig. 5c), due
to the presence of dense, young mangroves.
The PCQ methodology provided more accurate estimates of tree biomass (and thus,
OC storage) than quadrat sampling in this study, as the small area surveyed by quadrats
did not always contain tree trunks representative of the area. PCQ is a useful tool for
modeling tree density and basal area, but it has limitations for short-term studies and in
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mangrove forests. This study only measured trees over a year, which may not be enough
time to observe noticeable differences in tree density, biomass, and basal area. Further,
Dahdouh-Guebas and Koedam (2006) highlight issues with using PCQ methods to sample
mangroves, as they tend to aggregate in dense clumps near the water’s edge and exhibit
size-concentric organization, which violates the assumption of random distribution. PCQ
measurements also tend to vary widely depending on the individuals making the
measurements, particularly in multi-stem trees or trees with unusual growth patterns
(Dahdouh-Guebas and Koedam 2006). This sampling error, introduced during field
surveys, makes it difficult to capture incremental changes over short timescales. Another
issue with the PCQ method is that at least 50 sample points (up to 200 trees) are
recommended to ensure a desired level of accuracy (Khan et al. 2016); however, only six
sample points (a maximum of 24 trees) were measured at each site in this study. Further,
Schultz Preserve exhibited the highest tree basal area (39.6 ± 15.1 m2 ha-1), which was not
an expected result, given its age of just 13 years at the time of this study. This discrepancy
can be explained by the inclusion of large Iva frutescens trees when taking PCQ
measurements. The inclusion of these trees does not appropriately represent the basal area
of trees in the mangrove forest and is a limitation of this study and the PCQ methodology.
The protocol does not indicate a maximum distance a tree can be from the center of the
plot to be considered in a quarter of the quadrat (Cottam and Curtis 1956; Mitchell 2015).
Site Vulnerability to Mangrove Encroachment
The average rate of inland mangrove encroachment into restored salt marshes
across the seven sites which had measurable mangrove fringe was found to be 0.62 ± 0.06
m y-1. Remote imagery revealed that the three youngest restoration sites (Perico Preserve,
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Rock Ponds, and Perico Preserve 2, all 4 years old or younger) did not have any measurable
mangrove fringe; however, within four years of site creation, the next youngest site (Clam
Bayou, 6 years old), had 6.67 m of mangrove fringe (Table 1 and Fig. 2). Based on remote
imagery analysis, this site had the fastest rate of mangrove encroachment (0.85 m y-1; Table
1). Middle-aged (6- to 13-year-old) restoration sites did not experience the fastest rate of
mangrove encroachment; rather, there was no difference in the rate of mangrove expansion
at restoration sites of different ages. This allows for acceptance of Null Hypothesis 1 and
rejection of Hypothesis 1, which hypothesized that middle-aged sites would experience the
fastest rate of mangrove encroachment, suggesting that rates of landward mangrove
expansion within 27 years of site creation follow a linear trajectory.
One possible reason for the elevated rate of mangrove encroachment at Clam
Bayou is propagule availability. In another Florida study, Stevens et al. (2006) concluded
that mangrove seedling recruitment is largely dependent on a local source of propagules.
The site with the highest rate of seedling recruitment (76 seedlings m-2 y-1) received
propagules from nearby mangroves (5 to 15 m away), which settled in adjacent salt marsh
vegetation (Stevens et al. 2006). Analysis of the satellite imagery of Clam Bayou showed
that it has direct hydrologic connection to nearby natural mangroves (100 m away; Fig. 2),
which facilitates propagule dispersal into the site’s restored salt marsh. Further, Kelleway
et al. (2016) suspect that differences in salinity, nutrient limitation, and sedimentation may
determine biomass response. For example, sites with lower salinities tend to exhibit
increased growth of mangrove seedlings, and sedimentation prior to encroachment may
enhance mangrove recruitment success (Kelleway et al. 2016). Conversely, Raabe et al.
(2012) observed that salt marsh persisted in areas near freshwater sources. When not
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limited by temperature, SLR and saline water intrusion have been demonstrated to be
primary drivers in mangrove expansion (Comeaux et al. 2012; Raabe et al. 2012). Albeit,
mangrove seedling density was not significantly correlated with porewater salinity, open
water salinity, or pH in this study.
Further analysis of remote imagery showed that Schultz Preserve (13 years old)
transitions from mangrove fringe to high marsh, characterized by Spartina patens (smooth
cordgrass) and Borrichia frutescens (sea oxeye), but then quickly transitioned to upland
vegetation. While this study did not collect elevation data, the steep slope at the transition
to upland habitat may prevent further mangrove expansion at the present sea level, as
higher elevations are not suitable for mangrove settlement (Fig. 2) (Stevens et al. 2006).
Hence, Schultz Preserve may be less vulnerable to mangrove encroachment than
Cockroach Bay, which is just one year younger. Both sites had high mangrove seedling
density (8.6 ± 0.2 m-2 at Cockroach Bay vs. 9.2 ± 1.5 m-2 at Schultz Preserve), but because
it does not contain a steep slope transitioning to upland elevation, Cockroach Bay
mangroves will likely migrate inland as sea levels rise. To support this, Cockroach Bay
exhibited a higher encroachment rate (0.63 m y-1; Table 1) and mangrove tree biomass (6.6
± 1.0 kg m-2) than Schultz Preserve (0.49 m y-1; 3.7 ± 0.2 kg m-2; Table 1).
Harbor Palms had a lower mangrove density (0.15 ± 0.01 trees m-2) and basal area
(5.8 ± 0.4 m2 ha-1) than expected, despite being an older site (23 years old). Harbor Palms
was the longest transect (68 m) examined and included a broad salt barren (Fig. 2).
Mangroves were notably stunted or absent in the salt barren, contributing to the low density
and basal area of mangrove trees at this site. Porewater salinity in the salt barren was 59.2
± 2.1, while porewater salinity closest to the water’s edge was considerably lower, 11.8 ±
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3.6. Additionally, the nearest source of tidal water to this site was a small tidal tributary
rather than a large body of open water. Thus, this relative hydrologic isolation may have
slowed the delivery and initial recruitment of mangrove propagules to the site.
Additionally, Kelleway et al. (2016) found that basin sites without direct access to an open
body of water were often nutrient-poor, so mangrove growth was stunted. Thus, Harbor
Palms was relatively resistant to mangrove encroachment.
Other sites that contained salt barrens included Bishop Harbor, Rock Ponds, Perico
Preserve, and Perico Preserve 2. At the current sea level, the presence of a salt barren may
prevent further mangrove expansion from occurring. However, as the sea level rises, and
inundation becomes more frequent, salinity within the salt barren will decrease, which may
facilitate mangrove expansion (Comeaux et al. 2012; Raabe et al. 2012). At the time of
data collection, Rock Ponds, Perico Preserve, and Perico Preserve 2 were young sites (≤ 4
years old) and were dominated by herbaceous vegetation and have had limited time for
seedling establishment. These sites are relatively isolated from a larger body of water, and
therefore have low hydrologic connectivity to nearby mangroves (Fig. 2). Propagule
dispersal is thus limited, which may cause these sites to be more resistant to mangrove
encroachment now, as well as their current young age. However, as these sites mature, they
are expected to slowly transition into mangrove forests.
Based on remote imagery analysis supported by PCQ measurements and allometry,
the sites that were least vulnerable to mangrove encroachment at the time of this study were
Harbor Palms, Schultz Preserve, Rock Ponds, Perico Preserve, and Perico Preserve 2.
These sites exhibited several characteristics which allow them to be more resistant to
mangrove encroachment, including: a lack of a hydrologic connection to nearby
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mangroves, salt barren presence, existence of high marsh, and a steep slope at the transition
between high marsh and upland vegetation. S. alterniflora is the most common species
initially planted at coastal wetland restoration sites (Osland et al. 2012), but it also
facilitates mangrove expansion by trapping propagules at low elevations and providing a
warmer layer that protects seedlings from cold temperatures (Guo et al. 2013; Smee et al.
2017). Thus, if restoration practitioners are interested in creating a salt marsh that is
resistant to mangrove expansion, coastal managers should incorporate a salt barren and/or
high marsh vegetation, which usually exist at elevations not suitable for mangroves (Guo
et al. 2013). This solution is only temporary, but it provides the benefit of a low marsh now
while allowing mangroves to become dominant in the face of SLR.
Impacts of Mangrove Encroachment
Salt marshes and mangroves differ in their above- and belowground structure,
ability to trap allochthonous materials and deposit OM, and rates of carbon cycling
(Kelleway et al. 2017). This alters coastal structure, which may provide new challenges
and opportunities to coastal managers. For example, mangrove encroachment is suspected
to enhance coastal resilience to storms. Mangroves act as a wind break (Shaffer et al. 2009),
increase wave attenuation due to their stem stiffness and larger stature (Bouma et al. 2005;
Kelleway et al. 2017), and are less likely to become submerged during storm surges than
their marsh counterparts (Feller et al. 2015). Mangroves may also be better suited to adapt
to accelerating SLR, as they have been shown to foster vertical accretion faster than salt
marshes (Kelleway et al. 2017).
Mangroves provide many of the same ecosystems services as salt marshes, but this
enhanced encroachment may pose challenges to salt-marsh-dependent organisms. Salt
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marshes serve as critical nursery habitats for Callinectes sapidus (blue crab), Centropomus
undecimalis (snook), Nerodia clarkii subsp. (salt marsh snakes), and Elops saurus
(ladyfish) (Robison et al. 2010). A reduction of salt marsh, then, will create a habitat
deficiency over the life histories of these species. Salt-marsh-dependent birds, such as
Ammospiza maritima (seaside sparrows) and Cistothorus palustris (long-billed marsh
wrens), may leave the area as salt marshes are replaced by mangroves and roosting habitat
is lost (Stevens et al. 2006; Kelleway et al. 2017). It has also been observed that upper
intertidal salt marshes have a higher concentration of invertebrate larvae than mangroves,
which provides ample feeding opportunities for zooplanktivorous fish (Mazumder et al.
2009). With continued mangrove encroachment, this abundant food source will be lost for
zooplanktivorous fish. Additionally, Smee et al. (2017) observed that Palaemonetes sp.
(grass shrimp), Penaeus aztecus (brown shrimp), and C. sapidus were more abundant in
salt marshes than in mangrove forests in Rockport, Texas, so mangrove expansion may
inhibit the survival of these organisms as well. The loss of suitable habitat changes the
foraging environment for predators and prey, which alters food web interactions and may
have long-term consequences on the ecosystem (Smee et al. 2017).
Mangrove encroachment will have many different impacts on coastal wetlands
across Florida. While it is difficult to predict exactly how these ecosystems will respond to
future warming and SLR, mangrove encroachment is expected to continue in the future,
further altering species composition, abundance, and distribution (Robison et al. 2015).
Thus, it may not be feasible, nor realistic to “restore the balance” of Tampa Bay coastal
habitats as currently planned (Duarte et al. 2009). Rather, Robison et al. (2015) suggest
that comprehensive, long-range planning should be implemented to ensure the future
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integrity of Tampa Bay’s coastal wetland communities. This involves identifying,
prioritizing, and conserving low-lying, undeveloped coastal uplands as buffer zones, which
allows for the landward migration of coastal wetland habitats (Robison et al. 2015).
Carbon Storage
As sites mature and become mangrove dominated, aboveground and belowground
vegetative biomass increases, which increases the total OC stock (Doughty et al. 2015;
Kelleway et al. 2016). Additionally, soil OC increases with mangrove fine root
development, while DBD decreases as root biomass exceeds sediment volume (Osland et
al. 2012; Kelleway et al. 2016). Comparatively, Breithaupt et al. (2017) found that DBD is
largely driven by the rate of soil inorganic matter accumulation, while the rate of soil
organic matter predicted the rate of accretion in areas of high allochthonous carbon input
and sedimentation. In this study, soils from younger restoration sites exhibited higher DBD
and lower OC storage (33.5 ± 7.6 Mg ha-1) than older sites (67.3 ± 0.8 Mg ha-1). Vegetative
OC was also greater in older sites (71.5 ± 14.4 Mg ha-1), as marsh vegetation is replaced
by woody vegetation and aboveground biomass increases. This allows for the rejection of
Null Hypothesis 2, and acceptance of Hypothesis 2, which stated that old restoration sites
would have the highest soil and vegetative OC stocks.
Doughty et al. (2015) examined mangrove encroachment along Florida’s east coast
and observed similar trends in OC storage and soil characteristics. Similar to this study,
Doughty et al. (2015) found that total OC stocks were considerably higher in mangrovedominated sites than in salt marshes or transitional ecosystems (Table 4; Fig. 9). Doughty
et al. (2015) also noted that taller mangroves (> 2 m) stored more OC than scrub (dwarf)
mangroves. This study supports this claim, as vegetative OC storage was higher in sites
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with taller trees, such as EG Simmons and Mangrove Bay (Figs. 5a and 12b), except for
Bishop Harbor, a site which had high vegetative OC due to dense, short mangroves.
Additionally, sites with noticeably shorter mangroves (< 2.5 m), such as Harbor Palms, had
a low vegetative OC (< 50 Mg ha-1).
Bishop Harbor exhibited higher soil OC than would be expected by site age (Figs.
8 and 12b). This is likely because the substrate used to create the restoration site contained
a large amount of clay, whereas most other sites in this study were created using sand.
Bishop Harbor had a larger percentage of mud (2.5 ± 0.1 %; Fig. 14b) than the average
percentage of mud across the other sites (1.6 ± 0.3 %). During LOI analysis, soils that
contain clay minerals have been found to lose water at higher temperatures after the initial
drying stage at 105 °C, resulting in a loss of both water and OM at the 550 °C burn (BarilléBoyer et al. 2003; Howard et al. 2014). This causes an overestimation of OM, and thus,
OC. Soil data for Bishop Harbor are therefore inaccurate and were removed from Fig. 10
to improve estimates of the rate of carbon sequestration. Soil data were included in Fig. 8
for visual comparison purposes, but more research needs to be done to create an appropriate
clay conversion factor specific to Tampa Bay ecosystems to correct for the overestimation
of OC.
One of the limitations of this study is that it did not specifically examine
belowground vegetative biomass or OC other than through LOI analysis. Belowground
root biomass is prominent in mangroves and may contribute up to 60 % of the total biomass
(Khan et al. 2009; Adame et al. 2017). It is therefore believed that mangroves invest more
fixed carbon to their root system compared to other woody vegetation to maximize water
uptake, retain nutrients, transport oxygen, and increase stability in hydric soils (Adame et
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al. 2017). Field measurements of root biomass are labor-intensive and not always feasible,
so allometric equations can be used to estimate vegetative biomass belowground. However,
these estimations are clouded with uncertainty, since they rely on aboveground
measurements, and provide higher estimations of root biomass (on average 40 % higher)
than roots measured in the field (Adame et al. 2017). While roots are integral to coastal
wetland ecosystems, it has been found that they only account for 1 to 16 % of the total
carbon stock (Adame et al. 2015; Adame et al. 2017). Moreover, belowground carbon of
salt marshes and mangroves is estimated through LOI analysis, which encompasses soil
and fine roots (Radabaugh et al. 2018). For these reasons, belowground biomass was not
examined in this study, but may provide more accurate comparisons to published OC stock
values (Howard et al. 2014).
Coastal wetland restoration projects have the potential to become significant
sources of carbon sequestration in Florida (Stevens et al. 2011). Afforestation/reforestation
was one of the state’s main policies under the Governor’s Energy and Climate Change
Action Plan, implemented by former Governor Charlie Crist with an aim to increase the
area of forested lands by 20,200 ha and implement reforestation activity on all harvested
areas by 2025 (GATECC 2008; Stevens et al. 2011). If these goals are met, atmospheric
GHG levels could be reduced by 134 million metric tons of CO2 or CO2 equivalent (CO2e)
(GATECC 2008; Stevens et al. 2011). However, the current plan does not distinguish
between upland forests and mangrove forests, so Stevens et al. (2011) suggest that a
broader afforestation offset program, which covers all land and vegetation types, be
implemented. Stevens et al. (2011), Gardner and Fox (2013), and Sutton-Grier and Moore
(2016) all recommend that GHG emission offset programs, which provide financial
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incentives to landowners, would promote the interest in wetland restoration programs, as
wetlands store more carbon than other ecosystems.
Carbon Sequestration
This study complements Radabaugh et al. (2018) carbon stock study by examining
a chronosequence of restoration sites in the Tampa Bay Estuary to gain a better
understanding of how mangrove encroachment affects soil and vegetative OC storage at
ecological restoration sites. Site age was compared to total OC storage and the average rate
of carbon sequestration across the 26-year chronosequence was found to be 4.68 Mg C ha1

y-1 (Fig. 10). While some studies have examined rates of belowground carbon

sequestration in established wetlands using radiometric dating (Chmura et al. 2003; Alongi
2014; Breithaupt et al. 2014; Marchio et al. 2016), no studies were found that calculated
the rate of sequestration in restored or created wetlands.
Using radiometric dating, Marchio et al. (2016) found that the average rate of
belowground OC sequestration ranged from 0.47 ± 0.04 Mg C ha-1 y-1 in disturbed
watersheds to 1.62 ± 0.05 Mg C ha-1 y-1 in undisturbed watersheds in long-standing
mangrove forests in Naples, FL. However, Marchio et al. (2016) did not include
aboveground OC storage when calculating the rate of carbon sequestration; rather, soil
cores and 210Pb dating were used to model rates of carbon sequestration over a 50-year time
period. In another south Florida study, Breithaupt et al. (2014) found the belowground rate
of carbon sequestration in natural mangroves in the Everglades to be 1.23 ± 0.19 Mg C ha1

y-1 over a 100-year period using a similar dating method. However, the rates of carbon

sequestration presented by Marchio et al. (2016) and Breithaupt et al. (2014) are slightly
lower than the global belowground average of 1.74 Mg C ha-1 y-1 suggested by Alongi
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(2014). In another study, Chmura et al. (2003) estimated the global soil carbon
sequestration rate in salt marshes and mangroves at 2.1 Mg CO2e ha-1 y-1. This study found
the belowground OC sequestration rate to be 1.57 Mg C ha-1 y-1 over the 26-year
chronosequence, similar to the rates reported in natural, undisturbed mangroves and
marshes. While radiometric dating was not utilized, an advantage of this study is that the
true age of the sites is known, which allowed for precise calculation of both belowground
and aboveground rates of OC sequestration.
Comparison to Natural Sites
While restoration sites do not perfectly mimic natural sites, they do provide a
variety of ecosystem services. In this study, sites began to exhibit growth of predominantly
woody vegetation 6 to 10 years after creation and contained minimal salt marsh vegetation
after six years of creation (Fig. 8). Natural mangrove forests require 20 to 30 years to reach
full maturity, but restored sites may require more time (Shafer and Roberts 2008; Osland
et al. 2012). Edwards and Proffitt (2003) noticed that it only takes around five years for the
plant species composition of restored salt marshes to be similar to that of natural sites, as
herbaceous vegetation matures faster than trees, suggesting that Perico Preserve (4 years
old), Rock Ponds (1), and Perico Preserve 2 (1) are still maturing mashes. Osland et al.
(2012) observed that forest density and tree DBH were still increasing in restoration sites
over 20 years old, so it is possible that EG Simmons (27 years old), Mangrove Bay (26),
and Harbor Palms (23) have not yet reached forest maturity. In fact, Osland et al. (2012)
projected that it can take as long as 55 years for mangrove trees to reach a comparable
density and 25 years to reach a similar DBH to that of natural sites.
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Osland et al. (2012) also noticed significant differences in the soil composition of
natural and created sites. The soils of created or restored sites in their study had higher pH
in the top 10 cm (6.8 ± 0.1, restored vs. 6.2 ± 0.1, natural), larger sand fraction, higher
DBD, and lower total carbon and total nitrogen than natural reference sites, all
characteristic of the sandy substrate used to create the wetlands. Osland et al. (2012)
attributed these differences to vegetation variability; as the vegetation transitions from
predominantly salt marsh to mangrove, peat begins to accumulate in the upper soil layers,
which is rich in carbon and nitrogen. Furthermore, this study found the average soil pH
across all restoration sites to be 6.36 ± 0.05 (App. A), which is not nearly as high as the
restored pH value presented in Osland et al. (2012). This study also found that no
relationship existed between site age and pH in the top 5 cm of soil (App. A), possibly
because the sites are still relatively young and soil characteristics are still maturing.
Although, after about 20 years, Osland et al. (2012) observed that soil characteristics began
to resemble peat found in natural sites, with lower dry bulk densities, lower pH values, and
greater amounts of OC and nitrogen. Edwards and Proffitt (2003) also observed higher
amounts of OC in the oldest restored marshes, while younger sites exhibited greater DBD.
This study observed similar relationships, as a negative correlation between site age and
sand percentage was observed (Fig. 14a). Differences were also noted in soil OC% and
DBD across young, middle-aged, and old restoration sites, with older sites having the
greatest average OC% (5.0 ± 0.3 %, compared to 1.1 ± 0.0 % in young sites) and lowest
DBD (0.86 ± 0.02 g cm-3, compared to 1.1 ± 0.0 g cm-3 in young sites). For all soil cores
collected, a negative correlation was observed between OC% and DBD (Figs. 13a, b, and
c).
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Furthermore, natural salt marshes along Florida’s Gulf Coast are dominated by J.
roemerianus a mesohaline tidal marsh plant (Stout 1984; Raabe et al. 2012). Unlike S.
alterniflora, which is the vegetation often initially planted at restoration sites, J.
roemerianus is typically found at higher elevations and lower interstitial salinities (Stout
1984; Pennings et al. 2005; Raabe et al. 2012). Unlike S. alterniflora, J. roemerianus is a
slow-growing plant and has extensive belowground root reserves, causing it to respond
slower to abiotic fluctuations (Pennings et al. 2005). J. roemerianus was only present at
one site in this study, Mangrove Bay. While its abundance was low, mangrove seedlings
were absent in the surrounding area. Therefore, the inclusion of high marsh species in
coastal wetland restoration plans may increase marsh resilience.
Total OC stocks calculated in this study were compared to OC stocks of natural
sites examined by Radabaugh et al. (2018) and Doughty et al. (2015). No statistically
significant differences were detected in soil, vegetative, or total OC (Table 4). However,
the minimum OC content in natural Tampa Bay salt marshes was 45.2 Mg C ha-1
(Radabaugh et al. 2018), which is still higher than the maximum 42.2 Mg C ha-1 observed
in restored sites. This lack of statistical significance is likely attributed to the small sample
sizes in the three studies. Radabaugh et al. (2018) estimated that a total of 996,000 Mg C
ha-1 is stored in Tampa Bay’s wetland ecosystems and concluded that mangrove expansion
will increase carbon sequestration over time. Because salt marshes and barrens have lower
average carbon stocks than mangroves in Tampa Bay, mangrove encroachment will
increase carbon stocks (SWFWMD 2012; Radabaugh et al. 2018). The present study
supports this claim; OC storage increased with site age as mangroves became the dominant
habitat (Fig. 10). This relationship yielded a carbon sequestration rate across soil and
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vegetative OC pools of 4.68 Mg C ha-1 y-1, and is the first known study to consider
vegetative (aboveground) OC storage when calculating the sequestration rate. It is also the
first known study to examine OC storage in restored wetlands.
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Conclusion
This study investigated characteristics of mangrove encroachment into ten restored
salt marsh habitats adjacent to the Tampa Bay Estuary using four different techniques:
remote imagery analysis, PCQ sampling, traditional quadrat sampling via percent cover
estimation, and biomass comparison via allometry. The rate of mangrove encroachment
was determined through remote imagery, and it was hypothesized that middle-aged (6- to
13-year-old) restoration sites would experience the fastest rate of mangrove encroachment.
The average mangrove encroachment rate was found to be 0.62 ± 0.06 m y-1, but no
difference was found between the encroachment rate at old (14- to 27-year-old) and
middle-aged sites, suggesting that rates of landward mangrove expansion within 27 years
of site creation follow a linear trajectory.
After calculating the rate of inland mangrove encroachment at the ten salt marsh
restoration sites, characteristics of each site were examined to assess their vulnerability to
future mangrove expansion. Sites that were deemed most resistant to mangrove
encroachment included one or more of the following: high marsh vegetation, a salt barren,
a steep slope at the transition between high marsh and upland vegetation, or lacked a
hydrologic connection to nearby mangroves. It is therefore recommended that coastal
managers include high marsh vegetation and/or a salt barren in coastal wetland restoration
projects, as this provides a location for low marsh vegetation and mangroves to move
upslope in the face of SLR.
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The second objective of this study was to calculate a total carbon stock for each
site. It was hypothesized that old restoration sites would store the most OC. Carbon stocks
were calculated with the use of allometric calculations, PCQ analysis, and soil core
analyses. Mangrove-dominated restoration sites were found to have higher total carbon
stocks (138.7 ± 13.8 Mg C ha-1) than middle-aged transitional sites (85.6 ± 25.5 Mg C ha1

) or young salt marshes (34.5 ± 7.7 Mg C ha-1), demonstrating that carbon storage increases

with site age. These carbon stocks were similar to those of natural coastal wetlands in the
Tampa Bay Estuary (Radabaugh et al. 2018) and along Florida’s east coast (Doughty et al.
2015).
Using the calculated OC storage, the carbon sequestration rate across the 26-year
chronosequence was found to be 4.68 Mg C ha-1 y-1. This value is higher than belowground
rates of carbon sequestration calculated values in other Florida studies (Breithaupt et al.
2014; Marchio et al. 2016), as it includes both vegetative and soil OC storage, making it
the first known study to do so. Given global and regional soil carbon sequestration rates,
studies have shown that the conservation and restoration/creation of mangroves is
economically viable (Siikamäki et al. 2012; Mack et al. 2014; Vázquez-González et al.
2017). This may incentivize coastal managers to pursue wetland restoration projects,
knowing that they can partially reduce atmospheric CO2 while simultaneously generating
revenue. The carbon sequestration rate calculated in this study provides a unique rate for
the Tampa Bay area, and may stimulate further interest in initiating a carbon market.

43

TABLES

Table 1. Mangrove encroachment rates (m y-1) into salt marsh restoration sites.
Encroachment rates were determined using Google Earth imagery.
Site and
Abbreviation
EG Simmons
(EG)
Mangrove Bay
(MB)
Harbor Palms
(HP)
Schultz Preserve
(SP)
Cockroach Bay
(CR)
Bishop Harbor
(BH)
Clam Bayou
(CB)
Perico Preserve
(PP)
Rock Ponds
(RP)
Perico Preserve
2 (PP2)

Year
planted

Past photo
date

Mangrove
thickness
(m)

Present
photo date

Mangrove
thickness
(m)

Encroachment rate
(m y-1)

Transect
Length
(m)

1990

2002-04-30

22.2

2017-09-14

34.0

0.77

31.0

1991

2002-04-30

9.85

2017-09-14

19.8

0.65

27.4

1994

2002-04-30

16.5

2017-09-14

25.7

0.60

68.0

2004

2007-12-18

7.63

2017-09-14

12.4

0.49

16.0

2005

2012-04-24

6.33

2017-09-14

9.75

0.63

15.4

2009

2010-12-01

4.41

2017-09-14

6.85

0.36

20.5

2011

2013-03-14

3.40

2017-01-11

6.67

0.85

19.5

2013

2016-02-04

0.00

2017-01-07

0.00

0.00

15.0

2016

2016-02-12

0.00

2017-09-14

0.00

0.00

24.0

2016

2016-02-04

0.00

2017-01-07

0.00

0.00

8.00
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Table 2. Novel allometric equations generated in this study. These equations were used
to calculate aboveground biomass (b, g) from stem height (ht, cm).
Species

Common Name

Allometric Equation

R2 value

Cyperus esculentus

Yellow nutsedge

ln(𝑏) = 2.0813 ln(ℎ𝑡) − 6.4251

0.8647

Number of
specimens
25

Cyperus rotundus

Purple nutsedge

ln(𝑏) = 0.8651 ln(ℎ𝑡) − 4.4539

0.5260

61

Dichanthelium sp.

Rosette grass

ln(𝑏) = 1.8048 ln(ℎ𝑡) − 6.1295

0.7053

43

Distichlis spicata

Saltgrass

ln(𝑏) = 1.2539 ln(ℎ𝑡) − 5.6389

0.7946

52

Panicum sp.

Switchgrass

ln(𝑏) = 1.1238 ln(ℎ𝑡) − 5.1012

0.6423

53

A. germinans
pneumatophore
S. terebinthifolius seedling

Black mangrove
pneumatophore
Brazilian pepper
seedling
Licorice weed

𝑏 = 0.3008𝑒 0.0768(ℎ𝑡)

0.8585

53

𝑏 = 0.0007(ℎ𝑡) − 8 × 10−5

0.3675

63

ln(𝑏) = 2.0325 ln(ℎ𝑡) − 7.1049

0.8215

37

Scoparia dulcis

𝑏 = 0.0041(ℎ𝑡) − 0.0773

0.7563

40

Spartina bakeri

Gulf coast
swallowwort
Sand cordgrass

ln(𝑏) = 1.928 ln(ℎ𝑡) − 7.8901

0.8909

44

Suaeda linearis

Annual seepweed

ln(𝑏) = 2.3682 ln(ℎ𝑡) − 7.8355

0.8126

27

Triglochin striata

Arrowgrass

ln(𝑏) = 1.4639 ln(ℎ𝑡) − 6.5292

0.6781

44

Vigna luteola

Hairypod cowpea

ln(𝑏) = 1.6325 ln(ℎ𝑡) − 6.9224

0.8894

17

Seutera angustifolia
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Table 3. Vegetative and soil organic carbon (OC) (Mg ha-1) storage at each restoration
site. The error shown is ± SE.

Site

Scrub
OC

Seedling
OC

Mangrove
tree OC

Nonmangrove
tree OC

Salt
marsh
OC

Standing
dead
wood
OC

Pneumatophore
OC

Total
vegetative
OC

Soil OC

Total
OC

EG
Simmons

0.53 ±
0.00

1.82 ±
0.04

94.6 ±
1.0

0.6 ±
0.0

0.00 ±
0.00

7.83 ±
0.16

0.45 ±
0.02

105.8 ±
11.7

66.2 ±
0.1

171.9 ±
12.3

Mangrove
Bay

0.01 ±
0.00

0.59 ±
0.01

29.4 ±
1.2

30.4 ±
1.2

0.05 ±
0.01

0.36 ±
0.04

0.76 ±
0.04

61.6 ±
4.9

66.5 ±
0.1

128.1 ±
8.1

Harbor
Palms

0.23 ±
0.01

1.46 ±
0.01

38.3 ±
0.7

6.6 ±
0.2

0.27 ±
0.00

0.00 ±
0.00

0.19 ±
0.00

47.0 ±
4.7

69.1 ±
0.1

116.2 ±
8.5

Schultz
Preserve

1.80 ±
0.00

3.52 ±
0.05

15.2 ±
0.2

5.5 ±
0.0

0.05 ±
0.00

0.08 ±
0.00

0.17 ±
0.01

26.4 ±
1.9

57.5 ±
0.1

83.9 ±
6.5

Cockroac
h Bay

0.80 ±
0.00

3.51 ±
0.04

29.3 ±
0.4

0.0 ±
0.0

0.30 ±
0.01

0.00 ±
0.00

0.57 ±
0.04

34.5 ±
3.6

43.1 ±
0.1

77.5 ±
5.6

Bishop
Harbor

1.22 ±
0.01

0.71 ±
0.02

59.0 ±
1.4

0.0 ±
0.0

0.17 ±
0.00

0.00 ±
0.00

0.12 ±
0.01

61.2 ±
7.3

91.3 ±
0.1

152.4 ±
11.8

Clam
Bayou

0.43 ±
0.00

1.21 ±
0.03

8.1 ±
0.3

0.3 ±
0.0

0.23 ±
0.00

0.00 ±
0.00

0.53 ±
0.04

10.8 ±
1.0

17.7 ±
0.0

28.5 ±
2.1

Perico
Preserve

0.00 ±
0.00

0.01 ±
0.00

0.0 ±
0.0

0.0 ±
0.0

0.26 ±
0.01

0.00 ±
0.00

0.00 ±
0.00

0.3 ± 0.0

32.4 ±
0.1

32.6 ±
3.8

Rock
Ponds

0.04 ±
0.00

0.72 ±
0.01

0.0 ±
0.0

0.0 ±
0.0

0.75 ±
0.04

0.00 ±
0.00

0.00 ±
0.00

1.5 ± 0.1

50.1 ±
0.0

51.6 ±
5.8

Perico
Preserve 2

0.00 ±
0.00

0.05 ±
0.01

0.0 ±
0.0

0.0 ±
0.0

1.02 ±
0.02

0.00 ±
0.00

0.00 ±
0.00

1.1 ± 0.1

18.0 ±
0.1

19.1 ±
2.1
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Table 4. Comparison of organic carbon (OC) stocks (Mg ha-1) in restored and natural salt
marshes, transitional habitats, and mangroves. Restored sites ≤ 5 years old (young sites)
were considered salt marsh habitat. Restored sites 6-to-13 years old (middle-aged sites)
were considered transitional habitat. Restored sites ≥ 14 years old (old sites) were
considered mangrove habitat in this study.
Site
Tampa Bay, FL
natural salt
marsh
Merritt Island,
FL natural salt
marsh
Tampa Bay, FL
restored salt
marsh

Average OC (Mg ha-1)
Aboveground Belowground
Salt marshes

Reference

Total

Radabaugh et
al. 2018

6.7 ± 2.3

93.8 ± 33.4

100.5 ± 35.7

Doughty et al.
2015

8.0 ± 1.0

52.0 ± 6.0

60.0 ± 4.0

This study

1.0 ± 0.3

33.5 ± 7.9

34.5 ± 7.7

Transitional habitats
Merritt Island,
FL natural
transitional
habitat
Tampa Bay, FL
restored
transitional
habitat

Doughty et al.
2015

10.0 ± 1.0

43.0 ± 5.0

53.0 ± 5.0

This study

33.2 ± 10.5

52.4 ± 15.3

85.6 ± 25.5

Mangroves
Tampa Bay, FL
natural
mangrove
Merritt Island,
FL natural
mangrove
Tampa Bay, FL
restored
mangrove

Radabaugh et
al. 2018

40.1 ± 3.2

88.0 ± 12.1

128.1 ± 14.5

Doughty et al.
2015

55.0 ± 11.0

67.0 ± 9.0

122.0 ± 16.0

This study

71.5 ± 14.4

67.3 ± 0.8

138.8 ± 13.8
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FIGURES

Figure 1. Locations of the ten restored coastal wetlands in Tampa Bay that were
examined in this study (Source: Environmental Systems Research Institute (ESRI),
Copyright © 2017, ArcGIS Release 10.5.1, Redlands, CA).
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Figure 2. Aerial imagery of the ten restoration sites in the past and near-present. The thin
white lines signify the mangrove fringe width that was measured along the vegetation
transect, if present (Source: Google Earth v. 7.1.8.3036. Google Inc., Copyright © 2017).

52

Figure 3. Encroachment rate comparison. a) Site age (years) compared to encroachment
rate (m y-1). The dotted blue line signifies a significant, positive logarithmic trend; b)
Average encroachment rate (m y-1) compared between old and middle-aged sites. The
error bars represent ± standard error (SE). No difference was observed between the two
groups.
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Figure 4. Vegetative percent cover compared to site age. a) Average total and basal
mangrove percent cover compared to site age. Error bars represent ± SE across six plots
per site, and the dotted line illustrates a negative quadratic trend; b) Average total and
basal herbaceous (non-mangrove) percent cover compared to site age. Error bars
represent ± SE across the six plots.
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Figure 5. Comparison of tree characteristics. a) Average tree height (m) compared to site
age (years). The dotted line illustrates a positive linear relationship; b) Average tree
density (trees m-2) compared to site age (years). The dotted line represents a negative
quadratic relationship; c) Average tree basal area (m2 ha-1) compared to site age (years).
Error bars signify ± SE across six plots per site on all graphs.
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Figure 6. Biomass comparison amongst young, middle-aged, and old sites. a) Average
mangrove scrub biomass (kg m-2); b) Average mangrove tree biomass (kg m-2); c)
Average mangrove seedling biomass (kg m-2); d) Average S. alterniflora biomass (kg m2
) across the age classes. Error bars show ± SE across the sites within each age class.
Letters denote statistically significant differences (or lack thereof).
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Figure 7. Comparison of vegetative biomass to site age. a) Mangrove scrub biomass (kg
m-2), b) mangrove tree biomass (kg m-2), c) mangrove seedling biomass (kg m-2), and d)
S. alterniflora biomass (kg m-2) in 2016 and 2017 compared to site age (years). The
dotted line in b) illustrates a significant, positive linear relationship.
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Figure 8. Total organic carbon (OC) storage (Mg ha-1) across the ten restoration sites.
Error bars represent ± SE across the six plots. Ages of the plots displayed in years (y) on
the x-axis. The asterisk (*) above Bishop Harbor denotes that this site had high clay
content, leading to an erroneously large estimation of organic carbon stocks.
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Figure 9. Organic carbon (OC) storage (Mg ha-1) across young, middle-aged, and old
restoration sites. Error bars signify ± SE across the sites in each age category. A
difference between biomass at young and old aged sites is designated by the letters ‘a’
and ‘b,’ while ‘ab’ designates that the biomass at middle-aged sites is not different from
the other age groups.
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Figure 10. Average organic carbon (OC) storage (Mg ha-1) plotted against site age
(years) to calculate the rate of carbon sequestration. The sequestration rate across the 26year chronosequence was determined by the slope of the trendline, for an average of 4.68
Mg C ha-1 y-1. The error bars indicate ±SE across the six plots at each site.
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Figure 11. Soil organic carbon (OC) storage (Mg ha-1) compared to total vegetative OC
storage across the ten sites. The dotted line illustrates a significant, positive linear
relationship.
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Figure 12. Average a) soil and b) vegetative organic carbon (OC) storage (Mg ha-1)
compared to site age. Error bars represent ± SE across the six plots at each site. The
dotted line in b) represents a significant, positive linear trend.
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Figure 13. Dry bulk density (DBD) and soil organic carbon (OC%) comparison. a) DBD
(g cm-3) compared to OC% in 60 soil cores from a) young, b) middle-aged, and c) old
restoration sites.
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Figure 14. Comparison of site age and average percentage of a) sand and b) mud.
Sediment between 0.0625 mm (63 μm) and 2 mm was considered to be sand, and
mud/clay particles were smaller than 0.0625 mm (63 μm) The dotted line illustrates a
significant negative linear trend in a), and the error bars represent ± SE across six plots
per site in both graphs.
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Appendix A: Supplemental Abiotic Figures

Figure A1. Depth to porewater (cm) compared to salinity in the a) wet season 2016
(June-September), b) dry season 2017 (January-March), and wet season 2017. In c), the
dotted line illustrates a positive quadratic relationship.
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Figure A2. Average open water dissolved oxygen percentage (%) compared to average
open water salinity across the ten sites. Error bars signify ± SE across the three sampling
periods. The dotted line illustrates a significant, positive linear relationship.
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Figure A3. Site age compared to average pH of the top 5-cm of soil. Error bars show ±
SE across the six plots at each site.
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Figure A4. Seasonal comparison of average a) soil pH, b) depth to porewater (cm), and
c) porewater salinity. Error bars signify ± SE across the six plots at each site. Wet season
averages were calculated based on data collected in 2016 and 2017. The letters ‘a’ and ‘b’
above the bars indicate that a significant difference exists between the two seasons.
79

Figure A5. Seasonal comparison of average a) open water dissolved oxygen percentage
(DO%) and b) open water salinity. Error bars signify ± SE across the six plots at each
site. Wet season averages were calculated based on data collected in 2016 and 2017. The
letter ‘a’ above the bars indicates that no difference exists between the two seasons.
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There was not a correlation between depth to porewater and porewater salinity in
the wet season 2016 (r = 0.16676, df = 55, p = 0.2150; Fig. A1a), nor in the dry season
2017 (r = -0.00632, df = 48, p = 0.9653; Fig. A1b), but there was a positive correlation
between the two variables in the wet season 2017 (r = 0.28868, df = 53, p = 0.0326; Fig.
A1c). A comparison between open water DO% and open water salinity yielded a
significant positive correlation (r = 0.52084, df = 8, p = 0.0032; Fig. A2). No relationship
was detected between site age and soil pH, though (r = 0.18285, df = 8, p = 0.6131). A
significant difference was observed between soil pH (paired t = -3.49, df = 59, p = 0.0009;
Fig. A4a), depth to porewater (paired t = 6.23, df = 47, p < 0.0001; Fig. A4b), and
porewater salinity (paired t = 2.37, df = 47, p = 0.0220; Fig. A4c) in the wet seasons and
dry season. Finally, there was not a difference in open water DO% (paired t = 0.04, df = 9,
p = 0.9671; Fig. A5a), nor was there a difference in open water salinity (paired t = 2.86, df
= 9, p = 0.188; Fig. A5b) in the wet seasons and dry season.
In this study, average pH in the top 5-cm of the soil profile across all sites was 6.5
± 0.1 in the wet seasons and 6.1 ± 0.2 in the dry season, indicative of seasonal variation, as
soils experience prolonged inundation and greater flushing in the wet season. Rainfall
provides a source of freshwater, which lowers both the soil salinity and pH (Proum et al.
2018). An excess of rainfall also dilutes estuarine waters via freshwater runoff, which
explains the lower open-water salinity in the wet season (App. A) (Murphy and Voulgaris
2006). Further, heightened rainfall leads to a higher mean sea level, resulting in prolonged
inundation of marshes, which allows porewater to rise closer to the soil’s surface (Murphy
and Voulgaris 2006). Salinity and flood duration are critical to the success of restored salt
marshes, as shortened or extended inundation can hinder the growth of vegetation (Moore
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et al. 2011). Moore et al. (2011) further determined that sites with suitable hydrologic
connectivity tend to have lower porewater salinity and thus, more salt marsh growth. In
addition to soil pH and open water salinity, other abiotic factors measured in this study that
revealed significant seasonal differences were depth to porewater and porewater salinity
(App. A).
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